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 Abstract.− Biodiversity conservation design, though difficult with fragmentary or insufficient 
biological data, can be planned and evaluated with several methods. One of them, the 
complementarity criterion, is commonly used to account for the distributions of a number of 
species (i.e., an autoecological approach). At the same time, the patchiness and spatial bias of 
available distribution data has also been dealt with through distribution modelling. However, 
both the uncertainty of the ranges estimated and the changes in species’ distributions in response 
to changing climates, limit the potential of single-species distributions as the biodiversity 
attribute to be used in complementarity strategies. Several technical and theoretical advantages 
of composite biodiversity variables (i.e., a synecological approach) may, however, make them 
ideal biodiversity indicators for conservation area selection. The drawbacks associated with 
current biodiversity data are discussed herein, along with the possible advantages and 
disadvantages of conservation planning through a synecological or autoecological approach. 
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Conservation Biogeography has recently been 
defined as “the application of biogeographical 
principles, theories, and analyses, being those 
concerned with the distributional dynamics of 
taxa individually and collectively, to problems 
concerning the conservation of biodiversity” 
(Whittaker et al. 2005). Here, the phenomenon 
of biodiversity at its whole width becomes the 
central target for conservation from a 
biogeographic perspective. However, current 
knowledge of biodiversity patterns and 
processes is not reliable enough for the models 
and scenarios needed for conservation policy 

decisions (see discussion in Whittaker et al. 
2005). Such drawback has given rise to much 
debate as to what to protect, how to deal with 
available data insufficiency by means of 
surrogacy, and how to include ecosystem 
processes and natural services in Systematic 
Conservation Planning processes (see, e.g., 
Brooks et al. 2004a,b; Molnar et al. 2004; 
Higgins et al. 2004; Cowling et al. 2004; 
Pressey 2004, and references therein). 
Conservation biology needs a solid framework 
from which to work with the current 
fragmentary state of biodiversity data, while at 
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the same time addressing the urgent need for a 
‘evaluation scheme’, whereby conservation 
values can be input to the decision-making 
process (see Green et al. 2005 for such a 
scheme). 

Whittaker and collaborators (2005) 
identify four inter-related Conservation 
Biogeography weaknesses: i) inadequacies in 
taxonomic and distribution data; ii) spatial and 
temporal scale dependency; iii) effects of 
model structure and parameterization and iv) 
inadequacies of theory. This work aims to 
develop the basis for a framework to deal with 
the first of the above-mentioned weaknesses 
(and partly accounting for the latter) in the 
sub-discipline of Systematic Conservation 
Planning (Margules and Pressey 2000). 
Leaving apart the less effective expert 
assessment (although the gains it provides 
should be integrated in conservation planning; 
see Cowling et al. 2003a), three approaches 
could be used as a basis for Systematic 
Conservation Planning schemes: 
 
• The environment-based approach -- use 

environmental variation as a biodiversity 
descriptor. 

• The autoecological approach (herein 
autoecology for short) -- gather observed 
or predicted distribution information for a 
great number of species, and use them as 
surrogates of overall diversity. 

• The synecological approach (herein 
synecology) -- use composite biodiversity 
variables (i.e. synecological variables; e.g., 
species richness, rarity, endemism, 
community composition, etc.), either 
observed or estimated, to describe the 
whole patterns of biodiversity variation. 

 
Considerable effort would be required to 

gather the amount of information needed for a 
reliable use of the autoecology approach. 
Therefore, as environmental information is 
more readily available, many authors favor the 
environment-based approach, which has been 

used during the development of several 
successful coarse-scale conservation schemes 
(e.g., the IUCN-WPCA reserve network 
approaches of the 1970s and 1980s; 
MacKinnon and MacKinnon 1986a,b; 
MacKinnon et al. 1986). However, 
environmental variation is just a surrogate for 
biodiversity, rather than a conservation target. 
Therefore, the drawbacks of the environment-
based approach should better be overcome 
using biodiversity data, which is a true 
conservation target itself. 

From the approaches based on biodiversity 
data, the autoecological has been the most 
used, in spite of presenting practical and 
theoretical problems that could hamper its 
reliability (see below). A mixed approach 
combining autoecology and synecology could 
be using together biological and environmental 
data to model the distribution of the species of 
interest, and then aggregate their predictions to 
construct biodiversity variables, or use them 
for complementarity analyses (see, e.g., Rojas-
Soto et al. 2003 or Ferrier and Guisan 2006; A. 
Lira-Noriega et al. unpubl.). Such approach 
lies under the assumption that errors in the 
predictions of the distributions of a number of 
species will minimize if they are used 
altogether. We here propose that the effort 
required in the drawing up of biogeography 
conservation schemes could be minimized, and 
the process simplified, by the direct gathering 
(and use) of synecological information instead 
of autoecological one. We examine the 
drawbacks associated with the current state of 
biodiversity data and discuss the technical and 
theoretical advantages of using synecological 
variables in Systematic Conservation Planning 
(see Box 1). 

 
GEOGRAPHIC REPRESENTATION OF 

BIODIVERSITY 
Biodiversity is a heterogeneous concept 
accounting for the multi-faceted, continuous 
variability of life, from genes to ecosystems. 
However, even though recent proposals 
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Box 1. Schematic SWOT Analysis for the three Systematic Conservation Planning approaches discussed: 
environment-based (E), autoecology (A) and synecology (S) (see Introduction for definitions). Tables on the right 
present the relevant characteristics of each approach. Strengths (S) and Weaknesses (W) are structural 
characteristics, and are intended as not to change in the short and/or medium-term. On the contrary, Opportunities 
(O) and Threats (T) are suited to the current status of the theoretical and practical knowledge on biodiversity and 
conservation fields, and could change in the near future. Items are numbered according to the approach they pertain 
(E, A, S), and the kind of characteristic they are (S, W, O and T) (e.g., ES1). SWOT analysis is based on studying 
the relevant combinations of S, W, O and T items inside of each approach through a TWOS matrix (matrices placed 
on the left), to identify its main drawbacks and advantages (see Dyson and O’Brien 1998 and Dyson 2004 for further 
reviews on the method). In addition to the TWOS matrices, we identify i) the structural conflicts between Strengths 
and Weaknesses (represented over the TWOS matrices), and ii) current limitations to Opportunities caused Threats 
(i.e., the state-of-the-art) (represented below TWOS matrices). 
 
E. environment-based approach 
Strengths Weaknesses 
ES1.Rapid mapping techniques 
ES2.Information availability (GIS and 
remote sensing) 
ES3.Fine-grain geographic resolution 

EW1.Not a true conservation target 
(surrogate) 
EW2.Land classifications�Abstract 
human constructs  

Opportunities Threats 
EO1.Ecosystem representation 
EO2.Vegetation type representation 
EO3.Ecological processes 
representation 
EO4.Species distribution 
representation (relationship with 
environment) 

ET1.Lack of knowledge of the 
relationship between land classes and 
biodiversity variations  
ET2.Risk of exclusive use of surrogacy 
due to information easy availability 

(ES1+ES2+ES3)xEW1 
(ES1+ES2)xEW2 

 S W 
O (ES1+ES2)xEO1 

(ES1+ES2)xEO2 
ES3xEO2 

(ES1+ES2)xEO3 
(ES1+ES2)xEO4 

EW1x(EO1+EO2) 
EW1xEO3 
EW1xEO4 
EW2xEO3 
EW2xEO4 

T (ES1+ES2)xET1 
(ES1+ES2)xET2 

EW1xET2 
EW2xET1 

(EO1,EO2,EO3)xET1 

 
A. autoecology approach 
Strengths Weaknesses 
AS1.True conservation target 
AS2.True biodiversity representation 
AS3.Representation of key species 
important for ecosystem processes 

AW1.Incomplete information 
AW2.Taxonomically biased information 
AW3.Geographically biased information 
AW4.High amount of variables 
(species) 
AW5.Represents only patterns, not 
processes 

Opportunities Threats 
AO1.Development of GBIF and other 
biodiversity databases 
AO2.Predictive modelling 
AO3.Good knowledge on population 
biology 

AT1.Lack of taxonomic work 
AT2.Model error aggregation 
AT3.Drawbacks for the use of rare 
species 
AT4.Fragmentary knowledge of the 
relationship between key species and 
ecosystem processes 

(AS1+AS2)x(AW1+AW2+AW3+AW4) 
AS3x(AW1+AW2+AW3) 

 S W 
O (AS1+AS2)xAO1 

(AS1+AS2)xAO2 
AS3xAO1 
AS3xAO2 
AS3xAO3 

AW1x(AO1+AO2) 
AW2xAO1 

AW3x(AO1+AO2) 
AW5xAO3 

T AS1xAT1 
(AS1,AS2,AS3)xAT3 

AS2xAT2 
AS3xAT4 

(AW1,AW2)xAT1 
(AW1,AW3)xAT2 

AW4xAT2 
(AW1,AW2)xAT3 

AO1xAT1 
AO2x(AT2,AT3) 
AO3xAT4 

 
S. synecology approach 
Strengths Weaknesses 
SS1.True conservation target 
SS2.True biodiversity representation 
SS3.Use of rare species 
SS4.Reduced number of variables 
SS5.Representation of emergent 
processes 

SW1.Incomplete information 
SW2.Taxonomically biased information 
SW3.Geographically biased information 

Opportunities Threats 
SO1.Development of GBIF and other 
biodiversity databases 
SO2.Variables can be estimated locally 
SO3.Predictive modelling 
 

ST1.Lack of taxonomic work 
ST2.Partial knowledge of the 
relationship between diversity and 
ecosystem processes 

(SS1+SS2)x(SW1+SW2+SW3) 
(SS3,SS4,SS5)x(SW1+SW2+SW3) 

 S W 
O (SS1+SS2)xSO1 

(SS1+SS2)xSO3 
SS2xSO2 
SS3xSO1 
SS3xSO2 

SS4x(SO2+SO3) 

SW1x(SO1+SO2+SO3) 
SW2x(SO1+SO2) 

SW3x(SO1+SO2+SO3) 

T SS1xST1 
SS5xST2 

(SW1,SW2)xST1 

SO1xST1 
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promise progress in assessing reductions in the 
rate of biodiversity loss (Scholes and Biggs 
2005), information on genetic and population 
diversity is still grossly insufficient for 
conservation purposes, while that on the 
higher level (the species level) is fragmentary 
and biased (Gewin 2002). Biogeography-based 
conservation planning makes use of only those 
biodiversity features that can be mapped 
(Brooks et al. 2004a). As mapping and 
measuring ecological processes are still in 
their infancy (Cowling et al. 1999), most 
biogeography conservation efforts have 
targeted either (i) the observed or predicted 
pattern of species variation, or (ii) abiotic 
surrogates able to describe such a pattern. 
Whilst the former makes use of either species 
distribution data (autoecology approach) or 
synecological variables (synecology approach) 
as targets, abiotic surrogacy has relied on 
environmental variation as a well-known 
surrogate of biodiversity variation (the 
environment-based approach), employing 
either continuous environmental variation data 
(see e.g. Faith and Walker 1996a; Ferrier 
2002; Venevsky and Venevskaia 2005) or land 
class data (land types sensu Pressey 2004). 
However, most former Systematic 
Conservation Planning applications have been 
academic rather than practical, being the 
results of area selection methods generally 
ignored by conservation planners (Prendergast 
et al. 1999; Cabeza and Moilanen 2001; but 
see Pressey and Cowling 2001; Cowling et al. 
2003b; or Airame et al. 2003). Given the 
foregoing, Conservation Biogeography during 
the coming decades should strive to reconcile 
the need for a ‘great synthesis,’ to be presented 
as a unitary front to society and layman, with 
the possible scepticism that might arise from 
rapid science-based decision-taking in a field 
still in its infancy (Whittaker et al. 2005). 
 
Species or environment data? 
The long-latent disagreement over the 
superiority of either species or environment 

information, for both planning and for 
measuring the success of conservation efforts, 
has recently figured in debate (Araújo et al. 
2004a; Brooks et al. 2004a,b; Cowling et al. 
2004; Faith et al. 2004; Higgins et al. 2004; 
Molnar et al. 2004; Pressey 2004), although its 
origin can be traced back to the approaches 
that preceded recent Systematic Conservation 
Planning framework (see, e.g., Dasmann 1972; 
MacKinnon et al. 1986). 

Those that favor the species-based 
approach claim that broad-scale biodiversity 
attributes such as land types or habitats are 
abstract and subjective human constructs; that 
environmental diversity does not necessarily 
reflect species diversity (Araújo et al. 2001); 
and that species should be the main unit of 
biodiversity (Wilson 2002). They argue that 
more taxonomic and distribution information 
should be gathered, that available information 
on species should be used (Rodrigues et al. 
2003), and that geographical data of species 
distribution should be improved through the 
use of environmental variables to generate 
coherent distribution hypothesis. They 
maintain that while environment data and land 
classifications are important, these should be 
used just to upgrade the reliability of species 
data, not as conservation targets themselves 
(Brooks et al. 2004b). 

On the other hand, defenders of the 
environment-based approach assert that 
conservation planning must also represent 
such other biodiversity attributes as land types, 
habitats or ecological processes; that 
ecosystems within species-poor areas may be 
crucial regarding the goods and services 
needed for nature functioning (Kareiva and 
Marvier 2003); and that lack of reliability is 
the main impediment to the use of species data 
(Pressey 2004). 

In addition, other authors suggest that the 
use of broad-scale biodiversity attributes can 
facilitate the study of the most poorly-
understood species and assemblages, such as 
invertebrates (Ward et al. 1999; Mac Nally et 
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al. 2002), and that strategy should concentrate 
not on pattern but on processes. More 
information should be gathered on the 
ecological role of species, and their relevance 
in nutrient cycles and energy flows (Kareiva 
and Marvier 2003) and population size should 
be taken into consideration in the design of 
conservation strategies. Unfortunately for this 
argument, the relevance of species in 
ecological processes is no better understood 
than is species distribution. 

A reconciliation of these apparently 
opposing arguments would entail that both 
environment and species data are necessary 
components of conservation assessment (Noss 
1987; Clark and Slusher 2000; Faith and 
Ferrier 2002; Ferrier 2002; Ferrier et al. 
2002b; Cowling et al. 2004; Higgins et al. 
2004). Conservation decisions still have to be 
made in spite of bias and gaps in species 
information. Methods incorporating both types 
of data would establish promising 
conservation strategies (Ward et al. 1999; 
Cowling et al. 2003b; Lombard et al. 2003), 
while using a complete and complementary set 
of biodiversity surrogates would guarantee a 
better selection (Pressey 2004). Therefore, 
available taxonomic and distribution 
information should be combined with 
environment, land type and vegetation data to 
take advantage of advances in predictive 
modelling. Such a framework does not need to 
include the assumption that environment data 
by itself represents biodiversity variation 
(Wessels et al. 1999; Araújo et al. 2001; Pharo 
and Beattie 2001; Cushman and McGarigal 
2002; Mac Nally et al. 2002; Lombard et al. 
2003; Oliver et al. 2004; Su et al. 2004), but 
rather that environmental characteristics, 
combined with available species distribution 
information, should improve such data. 

As both species and environment data are 
relevant, their respective contribution to 
conservation planning should depend on their 
quality and amount. However, in the case 
where both types of information are available, 

which should be considered more meaningful? 
Unfortunately, the available information on the 
whole biodiversity “agents” (species) has often 
been ignored in the design of protection 
strategies (see, e.g., European Nature 2000 
Network1). Such a situation should be 
corrected, as the species are true conservation 
targets. As Brooks et al. (2004b) argued, there 
is a risk that conservation policies may be 
based on rapidly-obtained remote-sensing data 
and computer models, and may not incorporate 
the species data that could ensure the success 
of conservation decisions. Therefore, both 
species data and effective species-based 
methodologies should be put together on the 
table. 
 
Could available species data account for 
biodiversity variations? 
If there is any basic unit of biogeography, it is 
the geographic range of species; the shapes of 
ranges and the dynamic changes in their 
boundaries reflect the interacting influences of 
limiting environmental conditions (niche 
variables), dispersal and extinction dynamics, 
and historic effects (Brown et al. 1996; Gaston 
2003). Thus, the present-day geographic 
information on species is able to reflect the 
environmental variation in nature and species 
data summarizes not only the entire spectrum 
of environmental conditions (perhaps 
unaccounted-for by the observer eyesight), but 
also the historic and demographic effects that 
produce dissimilar species assemblages in 
similar environments (Hortal and Lobo 2005). 
Having said this, the lack of knowledge of the 
geographic distribution of organisms, their 
interactions, and their role in natural processes 
is the major obstacle to develop reliable 
strategies of biodiversity conservation. 
Environment data, useful in the absence of 
detailed species data, should be used in 
conjunction with any newly-obtained species 
information, and the recording of taxonomic 
and distribution information should be 

                                                 
1 http://europa.eu.int/comm/environment/nature/home.htm. 
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encouraged. Rather than considering only a 
limited number of organisms, or a limited, 
exclusive, environment database, as many 
species as possible, acceptably distributed 
throughout the evolutionary tree, should be 
taken into account. The exclusive use of 
distribution data is not advocated herein, but 
rather a framework based on biodiversity 
variables as conservation targets, that might 
reduce the need for environment surrogates, a 
complement to biodiversity distribution data. 
Should the latter be lacking, the former would 
become a target. 

Conservation priority selection based on 
information available on known taxa would at 
least guarantee their protection as conservation 
targets in their own right (Brooks et al. 2004b). 
As detailed distribution and abundance data 
for most species in many regions is lacking 
(Andelman and Fagan 2000), former 
conservation approaches targeted just one or a 
few species (flagship, endangered, umbrella, 
and/or indicator species), assuming that 
regional biodiversity will be preserved by 
protecting these species and their habitats. 
However, this approach does not guarantee the 
protection of sites that encompass all regional 
biodiversity (see Simberloff 1998; Andelman 
and Fagan 2000; Williams et al. 2000; 
Possingham et al. 2002; Saetersdal et al. 
2005), and can result in taking incomplete 
and/or erroneous decisions, so is currently 
abandoned. 

To avoid oversimplification of describing 
biodiversity through the distribution of a 
reduced number of species, as much species’ 
distribution information as possible should be 
compiled. The more detailed the information 
(both on spatial location and habitat 
description), the more useful for the 
monitoring and conservation of regional 
biodiversity (Austin 1998). Many initiatives 
are now devoted to gather extensive 
distribution data of organisms (among other 
information; see Edwards et al. 2000; Graham 
et al. 2004), making large amounts of 

information on a growing number of species 
and higher taxa available. The compilation of 
all the information on species now 
disseminated in the literature and Natural 
History collections will make an enormous 
source of information available. Although the 
analysis of this data will surely involve a 
number of problems (see, e.g., Dennis et al. 
1999; Dennis and Thomas 2000; Dennis and 
Shreeve 2003; Gu and Swihart 2004; Molnar 
et al. 2004; Higgins et al. 2004; Cowling et al. 
2004; Pressey 2004; Seoane et al. 2005), it is 
the only available basis to describe the spatial 
distribution of species (Brooks et al. 2004b). 
Interestingly, Gaston and Rodrigues (2003) 
show that even data gathered with relatively 
poor sampling effort can be highly effective 
for species representation. 

However, as Higgins et al. (2004) point 
out, working in data-poor areas leads to the 
conclusion that such information is not 
sufficiently representative of biodiversity 
patterns. There are two shortfalls associated 
with the use of biological data for conservation 
biogeography (see Whittaker et al. 2005). 
First, our knowledge of global biodiversity, the 
conservation target, is fragmentary and 
taxonomically and geographically biased (the 
Linnean shortfall; Brown and Lomolino 1998). 
Second, adequate distribution data for many of 
the known species and higher taxa is lacking 
(the Wallacean shortfall; Lomolino 2004), and 
prone to taxonomic and geographic bias. 
These shortfalls could partially be 
compensated by selecting as many species as 
possible from those well-distributed in the tree 
of life, and by forecasting species distributions 
with methodologies capable of coping with 
incomplete data. Then, forecasted distributions 
could be used either for complementarity 
analyses (the autoecological approach) or to 
calculate biodiversity indices (a mixed 
autoecological-synecological approach) (see 
below). 
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Obtaining reliable data for regional 
conservation assessment 
One of Systematic Conservation Planning’s 
main objectives is to identify a set of 
representative areas (Dasmann 1972; Mackey 
et al. 1988; Belbin 1993; Church et al. 1996; 
Vane-Wright 1996; Powell et al. 2000), in 
which all species may persist if included in a 
reserve network (Araújo and Williams 2000; 
Araújo et al. 2004b). This is a key objective of 
several international conservation policy 
schemes, such as IUCN (MacKinnon and 
MacKinnon 1986a,b, MacKinnon et al. 1986) 
or WWF (Dinerstein et al. 1995; Olson and 
Dinerstein 1998) frameworks. 

To develop processes for the selection and 
improvement of protected areas, objectives 
need to be specified (Margules and Pressey 
2000). Along this line, much attention has 
been directed to algorithms based on 
complementarity, a measure of the biodiversity 
attributes found in newly-selected areas that 
would be added to those in a pre-existing 
network (Vane-Wright et al. 1991; Faith 1994; 
see also Hingston 1932). Complementarity 
was initially applied since the late 1980’s, 
using presence-absence data to select areas for 
protection with one or more presences of as 
many species of a given group as possible 
(Margules et al. 1988; Pressey et al. 1993; 
Williams and Humphries 1994; Vane-Wright 
1996). Other approaches have explored the 
power of composite variables to represent 
assemblage composition variability (e.g., 
Ferrier 2002; Ferrier et al. 2002b; Araújo et al. 
2004a); or that of mixed datasets including 
environment variables, distribution 
information and predicted species distributions 
(e.g., Lombard et al. 2003; Cowling et al. 
2003b; Sarkar et al. 2005). The three of them 
are enhanced by distribution information in 
biological databases, as well as by the latest 
methodologies now available (Church et al. 
1996; Williams 1999; Cabeza and Moilanen 
2001; Rodrigues and Gaston 2002), up-to-date 

but even so still having difficulties with 
complex conservation targets and datasets. 

Therefore, in addition to using 
environmental surrogate data (see above), 
reserve selection procedures have also been 
developed from: 

i) single species distribution data (an attempt 
to represent all species found in the region; 
e.g. Dobson et al. 1997; van Jaarsveld et al. 
1998; Howard et al. 1998; Araújo 1999; 
Araújo and Williams 2000; 
Andriamampianina et al. 2000; Polasky et 
al. 2000; Martín-Piera 2001; Raxworthy et 
al. 2003); 

ii)  composite synecological attributes of 
biodiversity (aimed at protecting sites of 
great richness, rarity or endemism, or 
representing as much variability in 
community composition as possible), an 
approach less-used for conservation 
purposes (but see Margules et al. 1987; 
Bojórquez-Tapia et al. 1996; Iverson and 
Prasad 1998a,b; Zimmermann and Kienast 
1999; Ferrier et al. 2002b; Gladstone 2002 
or Araújo et al. 2004a). 
The effectiveness of these selection 

algorithms depends on the accuracy of the 
input data. Therefore, biases in the 
geographical and/or ecological space covered 
by distribution information obtained from non-
systematic sampling may in turn bias 
descriptions of species geographic ranges and 
lead to major errors in the distribution of 
endangered or target species (Dennis 2001). 
This is probably a consequence of present 
Atlas data on the spatial distribution of species 
and biodiversity measures being far from 
accurate (van Jaarsveld et al. 1998; Dennis et 
al. 1999; Dennis and Thomas 2000), one of the 
most important weaknesses in current planning 
techniques for conservation area selection. 
Unavoidably, data obtained from sampling a 
given region constitutes just a group of 
samples, not a complete inventory (Nicholls 
and Margules 1993), and further sampling is 
needed to improve its quality, which usually 
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would involve high costs, both in time and 
money (Prendergast et al. 1999). Atlases 
developed from additional sampling may yield 
diversity measures that vary greatly on broader 
scales and extents, while old and newly 
observed scores may not correlate (e.g. 
European butterflies: Dennis 1997; Dennis and 
Shreeve 2003). Thus estimates of 
synecological variables from well-sampled 
areas (e.g., Colwell and Coddington 1994 for 
species richness, or Chao et al. 2005 for 
compositional differences) would be of 
pragmatic value (see discussion below). 

Modelling techniques can reduce the costs 
mentioned above by the extrapolation of 
biodiversity data to unexplored or poorly-
sampled areas, through the use of available 
environmental information with several 
methodologies of bioclimatic and geostatistic 
modelling (Nicholls 1989; Austin 1998; 
Ferrier 2002; Ferrier et al. 2002a,b; Lehmann 
et al. 2002a). For example, as Atlas data has 
improved, many predictions developed from 
old Atlases agree with the data presented in 
new ones (Dennis and Shreeve 2003). 
Biodiversity is now modelled mainly from: i) 
single species distribution data, one-by-one 
(autoecology, see Guisan and Zimmermann 
2000; Scott et al. 2002; Ferrier et al. 2002a; 
Pearson and Dawson 2003; Peterson et al. 
2004; Soberón and Peterson 2005; Araújo and 
Guisan 2006); or ii) composite biodiversity 
variables, such as species richness, assemblage 
composition, endemism, rarity, and others, 
assumed to be biodiversity surrogates for 
monophyletic groups (synecology; see Lobo 
and Martín-Piera 2002; Hortal et al. 2001, 
2003, 2004; Ferrier 2002; Ferrier et al. 2002b; 
Ferrier and Guisan 2006).  

If spatial distribution ranges of a number 
of species are modelled one-by-one, the 
complementarity criteria can be used to select 
nature reserves from such predictions. 
Nowadays, single-species distribution 
modelling predictions are considered reliable 
indicators for area selection (see, e.g., 

Williams et al. 2000; Andriamampianina et al. 
2000; Araújo and Williams 2000; Peterson et 
al. 2000; Polasky et al. 2000; Araújo et al. 
2002a; Lehmann et al. 2002b; Cabeza et al. 
2004). Synecology, on the other hand, used 
infrequently for area selection (but see, e.g., 
Araújo et al. 2004a), has commonly been used 
just to identify biodiversity hotspots. However, 
several of these synecological variables 
(especially those describing community 
composition), may be of great utility for 
conservation (Ferrier 2002; Ferrier et al. 
2002b). Whilst autoecology has received more 
attention and support, modelling synecological 
variables can be advantageous for area 
selection. 
 

THE ADVANTAGES OF THE 
SYNECOLOGICAL APPROACH 

In practical terms, compensating for data bias 
and model unreliability could be easier with 
the use of synecological variables because: i) 
the geographic clustering of prediction errors 
derived from autoecology models is 
eliminated; ii) it allows using data on the 
distribution of rare species (which under 
normal conditions can not be modelled due to 
paucity of records and/or presence sites); iii) 
reliable estimates of synecological variables 
for a group or a few groups of species involve 
fewer operations than estimates for all species 
one-by-one, including rare ones, thus reducing 
the effort involved in putting together a valid 
conservation proposal. Given the current state 
of ecological knowledge, there are also several 
theoretical advantages to the use of 
synecological variables: iv) they may reflect 
emergent assemblage properties not contained 
in the species level, but important to area 
selection, or even to the preservation of the 
characteristics of biodiversity phenomenon per 
se; v) whilst species distribution ranges are 
expected to shift in response to climate 
change, many biodiversity surrogates may be 
stable over time. Of course details matter, but 
we should concentrate on why and where the 
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woods are, before worrying about individual 
trees (Lawton 1999). 

 
Practical advantages 
1. Errors in the predictions of species’ 
distributions 
As mentioned above, a few studies have 
explored the usefulness of predicted species 
distribution one-by-one for complementarity 
analysis. However, these interpolations present 
many problems (see Gu and Swihart 2004) 
that could accumulate in predictions for a large 
group of species. Importantly, differing 
methodologies, extent, resolution, and/or kinds 
of distributions may produce varying 
estimates. 

The performance of distribution prediction 
methods varies according to the geographic 
distribution, the equilibrium or not-equilibrium 
with the environmental conditions, the 
environmental requirements and natural 
history of the studied species (Guisan and 
Theurillat 2000; Guisan and Zimmermann 
2000; Austin 2002; Pearson and Dawson 2003; 
Segurado and Araújo 2004; Brotons et al. 
2004; Guisan and Thuiller 2005; Araújo et al. 
2005a; Seoane et al. 2005; Soberón and 
Peterson 2005). Therefore, the choice of 
method should depend on the goals and kinds 
of distributions being modelled (Segurado and 
Araújo 2004; Soberón and Peterson 2005). 
Whilst one group of predictive methods try to 
model present-day spatial probabilities of 
occurrence (environmental conditions 
occupied by the species), others estimate 
habitat suitability for each species (potentially 
suitable environmental conditions; see 
Peterson et al. 1999). In single-species 
conservation planning, the latter are also 
useful for monitoring and re-introduction tasks 
(see Hirzel 2001; Hirzel et al. 2001, 2002, 
2004; Chefaoui et al. 2005; Cassinello et al. in 
press). Lehmann et al. (2002a) favored the use 
of niche-based models for conservation 
purposes, but theoretical models may not work 
in real scenarios. For example, the range size 

of one third of the species used by Peterson et 
al. (2000) was overestimated by models based 
on realized niche. That is to say, models 
developed for single species failing to 
determine species absence from some 
territorial units with adequate environments. 

Although theory and practice of predictive 
modelling is being continuously updated, 
drawbacks in data and in the theoretical 
assumptions under modelling techniques and 
predictors might cause the spatial 
accumulation of errors. The continuous 
development of tools and protocols is yet 
improving the power (and success) of 
modelling techniques (e.g., Scott et al. 2002; 
Anderson et al. 2003; Elith et al. 2006), 
although no single modelling strategy 
outperforms the rest in all occasions. 
Nevertheless, the ecological knowledge on the 
modelled species and the statistical skills of 
modellers might be more important than the 
method used for the correct prediction of 
species distributions (see Austin et al. 2006). 
Having said this, it is also known that errors in 
the predictor variables and/or, biases in 
observed species data and model inabilities to 
account for true distributions can produce a 
systematic bias (Flather et al. 1997; Fielding 
2002). For example, most times data on the 
distribution of a species is biased to the center 
(either geographic or environmental) of its 
distribution (see Martínez-Meyer 2005). In 
addition, in some regions some parts of the 
geographic and environmental spaces have 
been repeatedly sampled through time, 
whereas others remained poorly known, being 
regional conditions underrepresented in the 
data at hand (Cabrero-Sañudo and Lobo 2003; 
J. Hortal, A. Jiménez-Valverde, J. F. Gómez, 
J. M. Lobo and A. Baselga, unpublished 
results; see discussion in Hortal and Lobo 
2005). 

Recent work on the theoretical 
assumptions under environmental niche 
modelling (e.g., Soberón and Peterson 2005; 
Araújo and Guisan 2006; Austin 2006) and the 
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implementation of such theoretical advances in 
modelling techniques will result in an 
improvement of the accuracy of predictions in 
the future. However, the systematic character 
of the biases in biological data can result in a 
spatial aggregation of model errors (see 
Thuiller et al. 2004a,b and discussion in 
Araújo et al. 2005a,b and Soberón and 
Peterson 2005). Important evidence on such 
error accumulation was found by Araújo et al. 
(2005a); species richness patterns obtained 
from the sum of all individual model 
predictions for British birds correlated only 
slightly with observed patterns. According to 
Araújo and collaborators (2005a), aggregating 
predicted distributions for a number of species 
produces a propagation of false positives and 
negatives (model errors), which tend to 
concentrate at the edges of the observed 
distributions, as well as in some parts of the 
environmental spectrum. Thuiller et al. 
(2004a) found a similar pattern when 
modelling three tree species from 
environmental data restricted to their 
distribution ranges. 

We hypothesize that the areas where errors 
could potentially accumulate would coincide 
with: i) range margins, where species usually 
suffer more stress (Brown 1984; see Loiselle 
et al. 2003; Araújo et al. 2005a); or ii) areas 
where community-level and/or historic 
processes, hard to model even for a single 
species, have played an important role in 
modifying species distributions (Woodward 
and Beerling 1997; Davis et al. 1998a,b; 
Pearson and Dawson 2003; see also Hampe 
2004; Iverson et al. 2004; Skov and Svenning 
2004; Thomas et al. 2004; Soberón and 
Peterson 2005 and Martínez-Meyer 2005). 
Therefore, most times species distributions are 
not in equilibrium with current climate 
conditions (see, e.g., Araújo and Pearson 
2005), one of the basic assumptions of 
ecological niche modelling. 

Prediction errors may come from either the 
model procedure or predictors used (Gu and 

Swihart 2004), or biased or fragmentary 
biological data (Dennis et al. 1999; Dennis and 
Thomas 2000), apart from inadequacies in 
their theoretical assumptions. Atlas data 
usually does not include real absences (see 
Araújo and Williams 2000; Brotons et al. 
2004; Soberón and Peterson 2005), where a 
given species has not been found despite 
exhaustive sampling. Many prediction 
methods require absence information, so their 
use implies the assumed absence of a species 
from a given set of sites. Although some 
promising alternatives exist which tries to 
identify absence points (Engler et al. 2004; 
Iverson et al. 2004; Lobo et al. 2006), model 
parameter estimates in such cases are generally 
affected by the bias in such ‘added’ data (false 
positives), even if sites are selected at random 
to avoid spatial or environmental bias (see Gu 
and Swihart 2004). Other procedures, such as 
ENFA (Ecological Niche Factor Analysis, see 
Hirzel et al. 2001), develop models of 
predicted species distribution using only 
presence data. Although this approach gives a 
picture on the suitable area occupied by the 
species, it presents the drawback that the 
location of suitable conditions is not the only 
factor influencing species distribution. 
Information on ecological and contingent 
constraints contained in, at least, a part of the 
absences, could be even more important for 
predicting species distribution range (see Lobo 
et al. 2006). Ignoring such information while 
modelling habitat suitability should probably 
produce less accurate predictions.  

Model prediction errors are thus greater at 
environment and spatial range margins, and in 
the areas where historic processes have 
modified purely ecological distribution 
patterns, while reliable biological data is 
commonly biased towards well-sampled areas 
and common species. Due to such biases, it is 
likely that model errors should not be located 
randomly in space, but should form a pattern, 
as they are the result of phenomena with a 
defined spatial distribution that effect the 
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distribution of each species differently. A 
recent work from Fortin et al. (2005) needs a 
complex set of methods to identify reliable 
species range margins for a single species, an 
unaffordable task to be applied to a great 
number of species in conservation studies. 
Thus, we hypothesize that complementarity 
analysis of a great number of predicted 
distributions together should involve the 
assumption that such errors will probably 
accumulate in space (see Flather et al. 1997 
and Fielding 2002), having been summed 
repeatedly, and will give rise to major gaps in 
the biodiversity predicted for the selected 
areas. Further work would be necessary to 
confirm such a hypothesis outside the bounds 
marked by Thuiller et al. (2004a) and Araújo 
et al. (2005a and b). 
 
2. Rare or insufficient-data species 
Conservation planning based on species 
distribution predictions suffers from an 
inability to predict the distributions of many 
rare species, which may be underrepresented 
by complementarity selections when raw 
presence data from incomplete sampling effort 
is used (see Gaston and Rodrigues 2003). Data 
on these species is usually insufficient for the 
development of a good model (Peterson et al. 
2000; Stockwell and Peterson 2002; Lehmann 
et al. 2002b; Gu and Swihart 2004; Hortal et 
al. 2005). When rare species are excluded, 
both areas selected by complementarity and 
rarity hotspots correlate poorly with those 
selected using information for all species 
(Araújo et al. 2005a). Thus, species-by-species 
predictions can exclude those rare species 
(Lobo and Hortal 2003), most of them 
critically endangered (Peterson et al. 2000), 
which, in general, are responsible for a great 
proportion of total diversity (Gaston 1994). 
For example, in the Iberian Peninsula, of the 
21 insect species protected by the European 
Habitats directive, eleven have been recorded 
in fewer than ten 10 x 10 km UTM grid 
squares, and five species in 4 or fewer squares 

(Galante and Verdú 2000). To get around this 
problem, area selection should be based on 
both the predicted distribution of species that 
can be modelled and observed distributions for 
those species that can not (see, e.g., Lombard 
et al. 2003; Pressey 2004). However, this 
approach may underestimate both the 
distribution of geographically rare species, and 
of demographically rare (i. e., with small local 
abundance) but widely-distributed species (see 
Loiselle et al. 2003), which may be more 
difficult to record throughout all their 
distribution range (but see Gaston and 
Rodrigues 2003). 

Rare species, of great interest for 
conservation purposes, are more sensitive to 
human disturbance, store a multitude of 
potentially useful adaptations, and also are 
responsible for the replacement of inventories 
among assemblages (β-diversity). Assemblage 
distribution limits within a given territory (i. 
e., boundaries between presence and absence 
of representative species) are not usually well 
defined, but rather diffuse, with the number of 
species belonging to an assemblage changing 
gradually. To protect all biodiversity in a given 
territory, account must be taken of areas where 
this community replacement occurs (Ferrier 
2002; Spector 2002), where many rare species 
could persist while populations of their 
competitors shrink, and where species 
belonging to the various assemblages in the 
region can co-occur. The exclusion of rare 
species data from the analyses may reduce the 
chances of identifying such replacement areas, 
especially in cases where, due to other factors, 
species replacement has not led to high values 
of species richness, regardless of the rarity of 
species present. 

 
3. Estimates and predictions of synecological 
variables 
Predictive maps of synecological variables can 
be obtained in three ways (Ferrier and Guisan 
2006): (i) assemble first, predict later (i.e., 
aggregate species data into biodiversity 
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variables first, and then model these 
variables); (ii) predict first, assemble later (i.e., 
predict the distributions of species one-by-one 
and then aggregate these predictions into 
biodiversity variables); and (iii) assemble and 
predict together (i.e., use a joint procedure to 
establish relationships between species and 
predict their distribution using not only their 
environmental requirements, but also their 
patterns of co-occurrence). Although the third 
strategy presents the attractive characteristic of 
potentially taking into account biological 
interactions, we believe that the systematic 
bias in model errors and the lack of 
representation of rare species discussed above 
(sections 3.1.1 and 3.1.2) would result in a 
misrepresentation of these interactions, and 
therefore in bad-quality predictions. In the 
same way, we also believe that the ‘first 
predicting and then assembling’ strategy 
would result in erroneous pictures of the 
distribution of biodiversity due to the effect of 
these two topics, underperforming the results 
obtained by assembling first, and then 
predicting. On the contrary, we hypothesize 
that both the aggregation of errors and the lack 
of representation of rare species can be 
overcome by using the first strategy (assemble 
first, predict later) if two steps are previously 
added to the modelling protocol: a sampling 
effort assessment to identify the well-sampled-
enough areas (and discard those with 
unreliable inventories), and the extrapolation 
(when possible) of the scores of the 
synecological variables to diminish the effects 
of incomplete inventories (i.e., checklists are 
unlikely to be complete even at well-sampled 
areas) in these areas (see Hortal et al. 2004). 

Modelling synecological variables, such as 
species richness, endemism, rarity, 
composition, and so on reduces the number of 
possible prediction errors to one per variable 
(instead of one per species). As these variables 
are based on data from many species in each 
territory unit, sampling effort assessment is 
easier. Species accumulation curves (Soberón 

and Llorente 1993; Colwell and Coddington 
1994) can help to identify well-sampled areas 
for a given group of species (Lobo and Martín-
Piera 2002; Hortal et al. 2001, 2004; Martín-
Piera and Lobo 2003; Jiménez-Valverde and 
Hortal 2003). They can also yield estimates of 
richness scores for each territory unit, from 
information restricted to that unit (in addition 
to the many other species richness estimators 
available; see, e.g., Soberón and Llorente 
1993; Colwell and Coddington 1994; Chazdon 
et al. 1998; Gotelli and Colwell 2001; 
Chiarucci et al. 2003; Brose et al. 2003). The 
results from several of these estimators could 
be comparable even when the biological 
information comes from heterogeneous 
sources (Hortal et al. 2006). 

It should be pointed out that species 
richness alone is not the unique conservation 
target, but has to be integrated into a 
framework including other targets, such as 
rarity, endemism and, more importantly, 
complementarity. Recently, the development 
of non-parametric estimators for Jaccard and 
Sørensen indices (Chao et al. 2005), allows to 
avoid the erroneous estimates of compositional 
similarity between areas obtained from 
incomplete surveys, providing reliable 
complementarity measures from incomplete 
data. Errors in scores from present inventories 
are thus reduced by using estimates for each 
synecological variable, usually allowing the 
inclusion of a larger number of territorial units 
from a given area while enlarging the spatial 
and environmental coverage of observations. 
Reliability of models, built from more 
complete and robust data, is improved too. 
Interestingly, there is a reduction, or even 
elimination, of sampling bias in scores from 
models developed from asymptotically-
estimated richness values (see Hortal et al. 
2004). Moreover, the set of species considered 
is enlarged by the inclusion of rare species in 
the estimates of biodiversity surrogate scores, 
which become a major part of final values. 
Rarity itself can be also estimated for each 
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territorial unit (see Gaston 1994), as can other 
surrogates, such as β-diversity (Faith and 
Ferrier 2002; Ferrier 2002; Ferrier et al. 
2002b), endemism (Lumaret and Lobo 1996), 
assemblage composition (Ferrier 2002; Hortal 
et al. 2003; Araújo et al. 2004a; Ferrier and 
Guisan 2006). 

Appropriate sampling effort assessment 
along with surveys designed to cover all 
spatial variations of biodiversity (see Hortal 
and Lobo 2005) could even make data from 
more taxonomic groups available, with a 
minor investment of finance and time. Here, it 
is important to notice that several groups and 
higher taxa could serve as surrogates of other 
groups, for either local species richness 
(Balmford et al. 2000; Cardoso et al. 2004a,b), 
and geographic variations (MacNally and 
Fleishman 2004; Fleishman et al. 2005; 
Thomson et al. 2005; Tognelli 2005; Tognelli 
et al. 2005; Larsen and Rahbek 2005). 
Therefore, a limited group of taxa could give a 
good picture of overall biodiversity variation, 
although their surrogacy presents several 
limitations (see, e.g., Thomson et al. 2005; 
Tognelli et al. 2005). 

Prediction errors in the estimates may also 
be reduced through the use of available 
geostatistic methodologies (Carroll and 
Pearson 2000; Ter Steege et al. 2003), which 
model variables using spatial location as 
predictor (alone or together with environment 
variables, e.g. Tognelli and Kelt 2004). 
Homogeneous estimates, such as the 
asymptotic species richness described above, 
can reduce the extreme sensitivity of these 
methodologies to input data error. Also, the 
use of spatial location as predictor may allow 
the effect of unknown or unaccounted-for 
effects and/or historic processes (see, e.g., Mac 
Nally et al. 2003) to be included in 
environment-based models, and so improve 
the power and accuracy of estimates (see Lobo 
and Martín-Piera 2002; Hortal et al. 2001; 
Lobo et al. 2001, 2002). 
 

Theoretical advantages 
The three practical advantages discussed 
above indicate that biodiversity can readily be 
described by synecological variables. 
Evidently, a theoretical advantage of using 
these variables to describe the geographic 
variations of a group of organisms that share a 
common evolutionary past is that the patterns 
in these compound variables arise from the 
response of their common adaptations and 
divergences to conditions in the territory 
studied. However, the most important benefit 
to conservation may come from the agreement 
of synecology with current developments in 
theoretical ecology. Current evidence for 
chaotic structure in ecological systems 
suggests that the interrelationships among their 
components (species and individuals) may 
play a key role in ecosystem functioning. The 
complex interactions among these components 
would be the cause of the properties and 
dynamics of such systems (see, e.g., Brown et 
al. 2002; Bolliger et al. 2003; or Gorshkov et 
al. 2004). Therefore, these emergent properties 
pertain neither to individuals nor species, but 
to the whole of ecosystem biodiversity. 

We are going to focus on two different 
topics. Recent theoretical advances indicate 
that biodiversity as a phenomenon may affect 
ecosystem functions such as productivity and 
resilience (e.g., species richness and 
composition; see Tilman et al. 1996; Yachi 
and Loreau 1999; Tilman 2000, 2001; 
Kennedy et al. 2002; Bond and Chase 2002; 
Loreau et al. 2003). Moreover, in some places 
assemblages of several groups were stable 
through time (see Brown et al. 2001; or 
Fleishman and Mac Nally 2003); even through 
the dramatic Holocene climate changes (see 
Rodríguez 2004). In this context, ecosystem 
resilience has been related to diversity (Tilman 
et al. 2006), providing a link between 
diversity, enhanced ecosystem functioning and 
community resistance (and thus stability) 
against environmental changes. Other 
biodiversity aspects, such as assemblage 
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replacement, may remain invariant due to the 
particular geomorphology of a region (see 
Spector 2002), or to the resilience of the 
system. 
 
1. Detection of evolutionarily important areas 
Species populations go under eco-
physiological stress (see Hengeveld 1990) and 
are more threatened (Araújo and Williams 
2000) in range margin areas. There, 
environmental conditions are more rigorous 
than in core areas, and populations become 
isolated easily at range margins. Therefore, 
evolutionary processes could be enhanced due 
to ecophysiological stress (i.e., species 
adaptations are often pushed to the limit; 
Brown 1984; Brussard 1984; Case et al. 2005) 
and the genetic differentiation caused by 
isolation. In addition, it is known that 
environmental stress increases retro-
transposon activity (see Sentís 2002), favoring 
symbiotic interactions (e.g., Russell et al. 
2003), and promoting lateral gene transmission 
(see Nieto et al. 2004). In addition, many 
species may survive human disturbance or 
climate change in a given region (threatened or 
at range-margins) by adapting new life-history 
strategies, such as the modification of their 
micro-distributions and/or near environment 
(e.g. insects; Danks 2002). Therefore, it can be 
expected that some evolutionary processes 
may take place in these peripheral areas (see, 
e.g., Thomas et al. 2001). 

Given that evolutionary processes occur 
throughout space as well as over time, if 
conservation policies miss the areas where 
changes, re-sampling and additions to the 
evolutionary pool of the biota they intend to 
preserve are occurring, they might not 
conserve information and processes vital to 
nature’s resilience. Policies based on single 
species distribution data may so fail to 
represent such phenomena, but those based on 
synecological variables may take them into 
account. Their fewer dimensions summarize a 
greater proportion of the total variability 

attributable to all the species in a given 
territory, and should better represent the 
various facets of regional biodiversity. In this 
context, the environmental or geographic 
conditions limiting species distributions in 
their range margins often result in zones of 
ecological transition, where species 
replacement (β-diversity) and richness scores 
are high due to the joint appearance of 
different assemblages. Therefore, we 
hypothesize that some areas of evolutionary 
importance could be identified by some 
combinations of these synecological variables. 
However, the importance of range margins for 
conservation is still unknown, as the 
probabilities of species persistence are lower 
in peripheral than in core areas (see Araújo et 
al. 2002b). 

 
2. Community processes, emergent properties 
and stability along environmental changes 
Species distribution ranges have shifted 
throughout the Quaternary (see, e.g., Hewitt 
1996, 1999; Bradshaw 1999) and the last 
century (Lewis and Bryant 2002; Walther et al. 
2002). Such shifts are expected to continue 
due to human activity and climate change (see 
Midgley et al. 2003, Sparks et al. 2005). Many 
of these shifts are being identified nowadays in 
a number of groups such as butterflies 
(Parmesan et al. 1999; Warren et al. 2001; Hill 
et al. 2002), dung beetles (Lobo 2001), birds 
(Thomas and Lennon 1999; Walther et al. 
2002) or dragonflies (Hickling et al. 2005). 
Such process gets even worse due the effects 
of land degradation by human impact (see 
Pyke and Fischer 2005). If these range shifts 
could be predicted with reliability, 
conservation policies could include both 
present and future distributions of biodiversity. 

The reliability of the extrapolation of 
future species distributions by applying the 
predictive models based on current 
environmental conditions to future climate 
scenarios is currently a matter of debate. 
Although many recent works include the 
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implications of climate change on 
conservation planning (e.g. Peterson et al. 
2002; Hannah et al. 2002; Araújo et al. 2004b; 
Pyke and Fischer 2005), it has been repeatedly 
argued that the current state of knowledge of 
species range shifts can not yet be used to 
produce reliable extrapolations of future 
distributions (see Pearson and Dawson 2003, 
2004; Hampe 2004; Thuiller et al. 2004a; but 
see Araújo et al. 2004b, 2005b; Pyke and 
Fischer 2005). Certainly, there is evidence on 
the coincidence of the environmental 
responses of some species in their recent and 
past distributions due to niche conservatism 
(Martínez-Meyer et al. 2004; A.T.Peterson and 
E.Martínez-Meyer, unpublished results). Such 
evidence indicates that it would be possible to 
extrapolate current environmental responses to 
future climate scenarios. However, we do not 
know how general is niche conservatism, and 
evidence is also available on increased 
evolutionary rates under changing conditions 
(see section 3.2.1). 

The accuracy of using current species-
environment relationships to estimate past 
climate conditions in Palaeontology is 
doubtful, as the factors affecting past and 
present species distributions may have varied 
(Rodríguez 1999; Rodríguez and Nieto 2003). 
By extension, present distribution response to 
present-day factors may differ from future 
distribution response to similar factors; thus, 
extrapolating future species distributions from 
their current relationship with climate might be 
problematic. In both cases, the role of historic 
(past and future) processes throughout time is 
unknown. Therefore, modelling based on 
inherently co-linear environmental variables 
can not identify causal predictor relationships 
with species distribution, so extrapolation to 
other climate scenarios may not be meaningful 
(Hampe 2004). Taking this into account, 
conservation networks based on current 
species distributions may not be effective 
(Margules et al. 1994; Prendergast et al. 1999), 
and may need to be updated in a few decades. 

However, nature reserves are not yet selected 
and managed with an eye to the impact of 
climate change on species abundance and 
distribution (Lawton 1997). Short-term 
focused conservation will fail to protect on the 
long-term both biodiversity and the processes 
it generates and supports. 

However, community stability in structure 
and richness over time has been reported for 
various regions, extents, time periods, and 
taxa, despite changes in composition (Brown 
et al. 2001; Sax 2002), human induced 
impacts, or strong climate changes, even 
during glacial periods (Rodríguez 2004). 
Current evidence indicates that some of the 
many processes modifying biodiversity spatial 
distribution may remain relatively constant 
regardless of environmental variations. 

The relationship between productivity and 
richness has been extensively documented; the 
more productive the site, the larger the species 
richness (Tilman and Pacala 1993; Tilman et 
al. 1996, 1997a,b; Srivasta and Lawton 1998; 
Tilman 1999, 2000; Lehman and Tilman 
2000). Such high diversity acts as a reservoir 
of evolutionary solutions, improving the 
efficiency of ecosystem functioning (and, thus, 
productivity) in the presence of environmental 
changes (insurance hypothesis; see Yachi and 
Loreau 1999; Loreau et al. 2003); systems 
with greater richness (or high species 
replacement, see below) may maintain 
productivity in spite of environmental change 
through the replacement of individuals of 
species in suboptimal conditions by those in 
optimum conditions (but see Emmerson et al. 
2005). High productivity (i.e., enhanced 
ecosystem functioning) provides resilience to 
environmental changes (Tilman et al. 2006), 
and is also a key factor in maintaining the 
structure of ecological systems (Brown et al. 
2001). In addition, species-rich local 
communities are able to resist the 
establishment and effects of invasive species 
(Levine and D’Antonio 1999; Burger et al. 
2001; Kennedy et al. 2002), favoring temporal 
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stability. Nevertheless, dependence on initial 
conditions, characteristic of complex systems, 
may also lead to long-term structural stability 
in an ecosystem, in the absence of glaciations 
or other major disturbances to the processes 
occurring in a given area (e.g., Quaternary 
mammal communities; Rodríguez 2006). After 
each major perturbation, a new assembly, and 
development of assemblages, may lead to 
structurally different systems, which may, in 
turn, be stable despite minor perturbations. 
Such inertia may be a synecological property 
of many systems or assemblages. 

Shape, relief and location of a given site or 
region also affect the spatial distribution of 
biodiversity (Burnett et al. 1998; Nichols et al. 
1998; Jetz and Rahbek 2001). Environmental 
heterogeneity is in part the result of 
geomorphology and bedrock geology, which 
remain relatively stable during long periods of 
time. As commented above, the great variety 
of habitats present at environmentally 
heterogeneous areas promote higher species 
richness and replacement. For similar causes, 
some of these areas may become corridors for 
population range shifts of many different 
species under climate change conditions due to 
their particular geomorphology (e.g., 
latitudinal mountain chains, see Lobo and 
Halffter 2000; or Spector 2002). These 
‘biogeographic crossroads’ may also shelter 
high α and β-diversities, even while species 
composition change and populations fluctuate. 
Therefore, species richness and replacement 
may remain constant throughout time in some 
of the areas important for the migration of 
most species during their range shifts. In the 
same way, some factors that favor endemism, 
such as isolation, may also stay constant (e.g., 
islands; see Whittaker 1998; Borges and 
Brown 1999; Emerson 2002; Gillespie and 
Roderick 2002). 

In sum, several biodiversity facets may 
remain constant throughout time, and could 
present resilience to human impact. Identifying 
the synecological variables that are the output 

of these facets, and basing regional 
conservation assessments on them may 
increase the probability of conserving more 
biodiversity, and of protecting areas vital to 
evolutionary processes. 
 

SYNECOLOGICAL VARIABLES AS A 
BASIS FOR REGIONAL SYSTEMATIC 

CONSERVATION PLANNING 
As Pimm and Lawton (1998) stated, species 
may not be the correct units to use 
complementarity as conservation criterion. 
Thus, other descriptors of geographic 
biodiversity variations must be found. As 
discussed above, the geographic range of 
species is neither invariant, nor easy to 
describe accurately. In most cases, observed 
single-species distribution is not reliable 
enough to be used in predictive modelling, and 
is even less so for complementarity-based 
selections. As we have shown, a pragmatic 
alternative could be the use of the 
synecological variables to describe the spatial 
distribution of biodiversity. 

While it might be argued that these 
variables fail to contain useful information 
contained in single-species distributions, it is 
widely known that an appropriate spatial scale 
reduces the ‘noise’ present in these variables 
due to differences in the distributions of a 
large number of species (see, e.g., Brown et al. 
2002; or Willis and Whittaker 2002). 
Community ecology is a mess, with so much 
contingency that useful generalizations are 
hard to find. There are not as many kinds of 
population dynamics as species on Earth, but a 
multitude of essentially trivial variations on a 
few common themes (Lawton 1999). Finding 
laws or patterns in nature’s chaotic 
organization, where species and environment 
dynamics and interactions combine to produce 
fractal complexity over time (e.g., Brown et al. 
2002; or Bolliger et al. 2003), involves a 
proper choice of scale, organization level and 
extent examined (Levin 1992; Lawton 1999; 
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Brown et al. 2002; Willis and Whittaker 
2002). 

The biodiversity patterns described by 
synecological variables can be useful at 
virtually any grain size, as they provide 
information about processes at each level of 
resolution (Blackburn and Gaston 2002; Willis 
and Whittaker 2002). Due to the fractal nature 
of the processes under these patterns, several 
“windows of order” appear along scale 
change. There, auto-organization increases, 
and noise is reduced, producing sharper 
patterns. One or several of these windows are 
the subject of study of biogeography and 
macroecology (see Brown 1995; and Brown 
and Lomolino 1998). Grids of 10- to 100-km 
width (0.1 to 1 geographic degrees 
approximately), such as those used in most 
regional Systematic Conservation Planning 
assessments can reasonably be expected to 
resolve macroecology and biogeography 
patterns (depending on group studied and 
purpose of analysis). Predictions can be 
obtained for such composite variables as 
species richness (α-diversity), species turnover 
(β-diversity), community composition, rarity, 
endemism, etc. (Ferrier 2002; Lobo and Hortal 
2003), whose utility as descriptors of 
biodiversity is not open to discussion. 

One of these variables alone is unlikely to 
adequately describe the distribution and 
function of the whole of biodiversity, since it 
is unlikely that all the facets of biodiversity 
could be summarized by a single index (see 
Gaston 1996). For example, both species 
number and composition have been related to 
ecosystem properties (see debate in Tilman et 
al. 1996, 1997a,b; and Wardle et al. 1997), and 
endemism may be related to the danger of 
extinction in an area (Pimm et al. 1995), or to 
the rate of taxonomic replacement between 
two assemblages. However, maps of predicted 
values of a small set of these variables may 
display the main spatial patterns of 
biodiversity in a given area, patterns that may 
differ substantially from the ones derived from 

the aggregation of single-species information. 
Even more, if these variables are the 
expression of several of the facets of 
biodiversity, it could be possible to find a 
reduced number of composite factors, namely 
‘biodiversity factors’, that summarize all the 
different aspects covered by the related 
synecological variables that are today in use. 

However, their use as predictors would 
require first: i) design of sampling strategies to 
obtain reliable information on spatial 
biodiversity patterns using a minimum set of 
sites representative of environmental and 
spatial variability (Austin 1998; Dennis and 
Hardy 1999; Ferrier 2002; Hortal and Lobo 
2005; see also Araújo and Guisan 2006); ii) 
inclusion of a measure of sampling effort or, at 
least, a surrogate, in the databases used to 
gather information for distribution Atlases 
(Austin 1998; Dennis et al. 1999; Dennis and 
Thomas 2000); and iii) production of maps of 
as many predicted biodiversity components as 
possible, such as species richness, rarity, 
endemism or composition differences (Carroll 
and Pearson 1998a; Pearson and Carroll 1999; 
Hortal et al. 2001, 2003, 2004; Lobo and 
Martín-Piera 2002; Ferrier 2002; Ferrier et al. 
2002b). 

Traditionally, maps of biodiversity 
measures alone have not been used to depict 
all spatial variations in the assemblages of a 
given group, but only to identify hotspots and 
impoverished zones (see Balmford 1998 or 
Kitching 2000; and several examples at 
Prendergast et al. 1993; Gaston and David 
1994; Heikkinen and Neuvonen 1997; Araújo 
1999; Hortal et al. 2001, 2004; Martín-Piera 
2001). This restricted use was partially 
amplified with the advent of complementarity, 
easier to apply directly to single-species 
distributions. Tools to apply the 
complementarity criterion to synecology 
descriptions of biodiversity now exist. Ferrier 
and collaborators (Ferrier 2002; Ferrier et al. 
2002b) suggest using information on well-
surveyed sites to identify groups of sites with 
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similar assemblages, or groups of species 
occurring at similar sites, to subsequently 
model and extrapolate these multinomial 
variables. They also propose a promising 
procedure, the use of generalized linear matrix 
regression, to model composition 
dissimilarities between all pairs of survey sites 
as a function of the distances in one or several 
explanatory matrices (Generalized 
Dissimilarity Modelling; GDM). The square 
matrix of the distances between well-surveyed 
localities can be used to build a triangular 
distance matrix that can be used in ordination 
procedures, to derive one or more continuous 
factors representing composition differences 
between localities. These scores can be 
modelled, as can any other continuous 
variable, and their values extrapolated to the 
unsampled territory (Hortal et al. 2003). 
Selecting localities representative of most of 
the variability represented in the matrix by 
modelling a number of synecological variables 
is a procedure similar to the one proposed by 
Faith and Walker (1996a; see also Araújo et al. 
2004a). The performance of synecology 
procedures should be compared with that 
obtained currently by modelling individual 
species to select areas for conservation (e.g. 
Cabeza et al. 2004; Sánchez-Cordero et al. 
2005). However, we believe that the 
synecology approach promises a theoretically 
robust use of biodiversity measures to decide 
where and how to locate protected areas. 

Of course, the goodness-of-fit and utility 
of predicted synecology maps should increase 
with increasing scale (Carroll and Pearson 
1998b; Pearson and Carroll 1999; Murguía and 
Villaseñor 2000), while the main patterns of 
variation may be obscured by small-scale 
processes at smaller spatial resolutions (see 
Prendergast et al. 1999). Nevertheless, using 
just biological data alone to locate protected 
areas is not practical, as the selected sites may 
not be adequate for reserve implementation, or 
the spatial resolution may be too small to 
provide areas able to host viable populations 

(Pimm and Lawton 1998). Thus, regional 
conservation goals must be large-scale; then 
site networks should be designed in each 
important area on a smaller scale. In this step, 
downscaling techniques (see, e.g. Araújo et al. 
2005a) can be used to obtain a sharper picture 
of biodiversity patterns and the distribution of 
target species (see, e.g., Barbosa et al. 2003). 
Much national and continental Atlas data can 
be referred to homogeneous territorial units, 
such as UTM grid cells (e.g., 50 km width), or 
even broad geographic grid units, such as the 
units of 0.5º, which have approximately the 
same surface area except at extreme north and 
south latitudes. For most regions, even smaller 
grid sizes, such as 10x10- or 20x20-km grids 
may be used, but before doing so it is 
necessary to develop a general, wide-
resolution basis for conservation planning. 

Since no group can be used alone as an 
indicator for all biodiversity, as many groups 
as possible are needed to cover all the kinds of 
spatial dynamics, of the few that may exist 
(Lawton 1999). As stated above, good Atlas 
data is available only for a few groups, mainly 
plants and vertebrates. Such Atlases are very 
difficult to obtain for the groups of species, 
such as invertebrates, that represent the greater 
portion of overall biodiversity (see, e.g., 
Wilson 2002). However, it is relatively easy to 
obtain good inventories of a number of these 
less well-known taxonomic groups from a 
limited number of localities or grid cells. If 
these sites are environmentally and spatially 
well-distributed (Hortal and Lobo 2005), such 
partial information can be used to obtain 
acceptable predictions of synecological 
biodiversity attributes. 

Synecological variables, much more rapid 
to use, can produce more reliable estimates, 
and may also help to detect emergent 
properties of assemblages not contained in 
single-species distributions, nor thus even in 
cumulative single-species predictions. So a 
practical approach to the use of synecological 
variables for conservation assessment is 
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needed. During the 80s and 90s, the sound 
work of Australian CSIRO and Conservation 
Agencies led to the development of regional, 
analytical and systematic territorial planning 
of biodiversity preservation. According to 
Margules and Pressey (2000), the six 
consecutive stages, including feedback from 
the last stages to improve the effectiveness of 
the previous ones, of this approach are: i) 
obtain regional biodiversity data, a stage 
consisting of compilation and evaluation of 
previously existing knowledge, sampling, and 
extrapolation (Austin 1998); ii) identify 
regional conservation goals; iii) assess the 
effectiveness of current reserve network; iv) 
select additional areas for protection (see 
Pressey and Nicholls 1989; Pressey et al. 
1993, 1996; or Faith and Walker 1996a,b); v) 
implement conservation actions; and vi) 
maintain at appropriate levels in the protected 
areas the indicators that have been used as 
conservation goals. In the context of biological 
data scarceness described herein, we propose 
the use of the first four stages set out in 
Margules and Pressey 2000 (see also Austin 
1998 and Ferrier 2002) with which to select 
areas effectively, from a synecological 
perspective, supported by currently available 
single-species data and environmental 
surrogacy to: 

i) Obtain reliable data for as many groups as 
possible (see Hortal and Lobo 2005): (a) 
Compile and analyze existing information 
to identify areas with reliable inventories; 
(b) design and run a survey to optimize 
data on biodiversity patterns; and (c) re-
examine that data. 

ii)  Select the biodiversity attributes to be 
used, and estimate their scores in those 
territorial units with well-established 
information. Gaps in distributional data 
should be filled in by selected 
environmental surrogates. 

iii)  Interpolate the scores of these 
biodiversity attributes to all regional 

territorial units by means of spatial-
environmental modelling. 

iv) Analyze the effectiveness of current 
reserve network for biodiversity 
protection, and develop a proposal for new 
areas and structural elements (corridors 
and/or micro-reserves) to maximize this 
effectiveness, using both the 
complementarity criterion with species 
composition variables, and by selecting the 
areas with higher species richness, 
endemism, etc., according to the results of 
the research agenda proposed above. 
Additional data on species of interest 
should play a central role in Once the bulk 
of priority areas had been established using 
synecological variables, additional 
information on the distribution (either 
observed or predicted) of species of special 
interest (i.e., protected species or well-
known indicators) and on land types 
(descriptive of landscape composition) can 
be then added to area selection processes 
to improve the coverage of all conservation 
goals at stake, and to reserve design 
processes (part of Margules and Pressey v 
and vi stages) to be accounted for in the 
final spatial configuration of the reserve 
network. 

 
These four steps are relatively easy to 

carry out for a single group with limited staff, 
time, and funds (for a complete example, see 
Hortal 2004). Thus, effective reserve networks 
could be designed in a short period, with a 
small investment, and be integrated into 
biodiversity monitoring such as that 
expounded on by Green et al. (2005). Some a 
priori prioritization of synecological variables 
can be established from scratch, based on 
current theoretical knowledge on community 
ecology and assembly, and biodiversity and 
ecosystem functioning. For example, first use 
composition patterns to improve 
complementarity coverage, then try to cover 
functional diversity, and then select richest 
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areas within the selected to include more 
resilient/better functioning assemblages, then 
rarity and/or endemism, and so on (see some 
clues below). However, such decisions might 
rely on current prejudices/concepts on what to 
protect and how ecosystems are functioning, 
fields where some debate does exist 
(especially in the latter). Therefore, a research 
agenda is needed to determine how these 
variables are able to identify and/or cover i) 
areas of higher resilience, ii) some stability in 
the patterns of species composition or 
complementarity, or iii) species, communities 
or landscapes identified as conservation goals. 
Such research might necessarily involve the 
use of good quality real data taken at different 
periods of time to ensure that its conclusions 
could be taken as a baseline for conservation 
schemes. 
 

CONCLUSIONS 
We have summarized a number of practical 
and theoretical advantages of using a 
synecological approach in Systematic 
Conservation Planning. The conservation 
value of synecological variables is transparent 
and easy for policy makers to understand, as 
only a few variables are needed to design the 
core of a reserve selection. Therefore, the 
advantages of the synecology approach make 
its use advisable for current reserve selection 
procedures. Further studies would evaluate 
how this approach may be implemented most 
effectively (i.e., which biodiversity aspects 
should be prioritized and/or preferently used in 
complementarity approaches), to what extent 
the results obtained with selections based on 
other biodiversity surrogacy strategies are 
improved upon by the use of synecology, and, 
more importantly, to what extent propositions 
based on synecological variables provide 
resilient area networks able to face 
environmental changes through time. 
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